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Abstract – Introduced ﬁsh can have detrimental effects on native biota inhabiting alpine freshwaters with
the extent of their impact depending on variables such as habitat features. The present study aims to compare
the recovery of macroinvertebrate communities following a ﬁsh eradication campaign in a mountain lake
(Lake Dres, 2087 m a.s.l., Western Italian Alps) and its inﬂowing and outﬂowing streams. All ﬁsh were
removed using mechanical methods, not producing side-effects for macroinvertebrates. During eradication,
the lake community, which had previously been greatly affected, rapidly recovered to levels typical of neverstocked lakes. Stream communities, however, were apparently not impacted by ﬁsh populations and
remained relatively stable, proving their greater capacity to withstand ﬁsh presence. The abundance of
spatial refugia and invertebrate recruitment (via birth or immigration) can explain the observed stability in
stream communities. Drifting macroinvertebrates are often called into question to explain the resistance of
stream communities as they can partially offset predation via benthic recruitment, but our results show that
stream resistance can be high even where drift is low, i.e., in the outﬂowing stream.
Keywords: Ecological restoration / Salvelinus fontinalis / alpine streams / alpine lakes / drift
Résumé – Les macroinvertébrés alpins se rétablissent-ils différemment dans les lacs et les rivières
après l’éradication des poissons exotiques ? Les poissons introduits peuvent avoir des effets néfastes sur

le biote indigène vivant dans les eaux douces alpines, et l’ampleur de leur impact dépend de variables telles
que les caractéristiques de l’habitat. La présente étude vise à comparer le rétablissement des communautés
de macroinvertébrés à la suite d’une campagne d’éradication des poissons dans un lac de montagne (lac
Dres, 2087 m d’altitude, Alpes occidentales italiennes) et ses cours d’eau entrants et sortants. Tous les
poissons ont été enlevés par des méthodes mécaniques, sans produire d’effets secondaires pour les
macroinvertébrés. Au cours de l’éradication, la communauté lacustre, qui avait été grandement touchée
auparavant, s’est rapidement rétablie à des niveaux typiques des lacs n’ayant jamais été empoissonnés.
Toutefois, les communautés des cours d’eau n’ont apparemment pas été touchées par les populations de
poissons et sont demeurées relativement stables, ce qui prouve leur plus grande capacité à résister à la
présence de poissons. L’abondance des refuges spatiaux et le recrutement d’invertébrés (par la naissance ou
l’immigration) peuvent expliquer la stabilité observée dans les communautés de rivières. Les
macroinvertébrés dérivants sont souvent remis en question pour expliquer la résistance des
communautés de cours d’eau, car ils peuvent partiellement compenser la prédation par le recrutement
benthique, mais nos résultats montrent que la résistance des cours d’eau peut être élevée même lorsque la
dérive est faible, c’est-à-dire dans le cours d’eau aval du lac.
Mots clés : Restauration écologique / Salvelinus fontinalis / ruisseaux alpins / lacs alpins / drift
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1 Introduction
Mountain freshwaters are usually isolated from downstream habitats by physical barriers that prevent natural
colonization by ﬁsh (Adams et al., 2001). In several mountain
areas, predatory ﬁsh (i.e., trout) have been introduced to
promote recreational ﬁshing into originally ﬁshless habitats
(Ventura et al., 2017), but their introduction is a serious
conservation problem affecting native biota and species
(Knapp et al., 2001). Cause for conservation concern lies
not only in the magnitude of the local predatory impact, but
also in the actual global extent of ﬁsh introductions, which
involves a substantial number of lakes and rivers over large
mountain regions across the planet (Ventura et al., 2017).
Because of the central role played by macroinvertebrates in
aquatic habitats, any alteration of their distribution and
abundance can indirectly affect entire ecosystems. Aquatic
macroinvertebrates have been commonly used as biological
indicators of the impact caused by introduced ﬁsh, and they
have proven to be highly sensitive to ﬁsh presence in lakes
(Carlisle and Hawkins, 1998; Knapp et al., 2001; Schilling
et al., 2009; Tiberti et al., 2014). However, the response of
stream communities to introduced ﬁsh is subtler and can vary
greatly from one study to another (Wooster, 1994; Meissner
and Muotka, 2006), being either weak (Allan, 1982; Flecker
and Allan, 1984; Reice and Edwards, 1986; Culp, 1986; Ruetz
et al., 2004; Cheever and Simon, 2009) or profound (Bechara
et al., 1992, 1993; Buria et al., 2007; Rodríguez-Lozano et al.,
2015).
The varying levels of ecological impact in rivers and lakes
reﬂect differences in these habitats’ ability to withstand
introduced ﬁsh. There are at least two reasons to explain these
differences:
– predatory pressure would be greater in lakes than in rivers.
This is due to the density and trophic behavior of ﬁsh or the
greater availability of spatial refugia against ﬁsh predation
in streams (e.g., interstices among coarse sediments such as
gravel, pebbles and boulders; Bechara et al., 1993);
– macroinvertebrate turnover would be greater in rivers than
in lakes with macroinvertebrate production and drifting
macroinvertebrates being able to buffer ﬁsh predation
(Bechara et al., 1993).
The Gran Paradiso National Park (GPNP, Western Italian
Alps) recently completed a ﬁsh eradication campaign (Tiberti
et al., 2019a) with the aim of reducing the negative ecological
effects of introduced brook trout (Salvelinus fontinalis, Mitchil
1814) already described in the GPNP lakes (Tiberti and Von
Hardenberg, 2012; Magnea et al., 2013; Tiberti et al., 2014).
Among the lakes treated for ﬁsh eradication, Lake Dres (Fig. 1)
is the only one connected to any stream sections permanently
inhabited by brook trout, which provides an interesting
opportunity to compare the post-eradication recovery in
adjacent lotic and lentic habitats. Intensive gill-netting and
electroﬁshing were used as eradication methods without
remarkable side effects for aquatic macroinvertebrates and
other non-target species (Tiberti et al., 2019a).
The aim of the present study is ﬁrst to compare the
ecological impact of introduced ﬁsh on macroinvertebrates
(i.e., ecological resistance) and their response to ﬁsh

Fig. 1. Study area: Lake Dres (Gran Paradiso National Park, Western
Italian Alps) and surrounding aquatic habitats. Water ﬂows in SE-NW
direction. Fish eradication involved Lake Dres and the river sections
between B1 and B2 (which are waterfalls acting as barriers for
upstream ﬁsh movements). Fish are naturally absent above B1 and
still present downstream B2, which prevent their reinvasion; neither
the pond NE of Lake Dres was colonized by brook trout nor was the
intermittent river section below it.

eradication (i.e., ecological resilience) in adjacent lentic and
lotic (inﬂowing and outﬂowing rivers) habitats. Secondly, the
study will look at the response of the macroinvertebrates
communities above (inﬂowing river) and below (outﬂowing
river) Lake Dres, as the lake itself disrupts the river continuum
and acts as a barrier for drifting organisms. These objectives
are based on two hypotheses:
H1: the eradication actions should reverse ﬁsh impact (i.e.,
weak or strong impacts should, respectively, produce minor or
major changes in the macroinvertebrate communities following the recovery process).
H2: the inﬂowing river should present higher resistance
and resilience compared to the outﬂowing river, as the
macroinvertebrate drift provided by lakes is negligible when
compared to that provided by streams.

2 Methods
2.1 Study area and ﬁsh population history

Lake Dres (latitude N 45°240 4500 ; longitude E 07°130 2500 ;
altitude 2087 m a.s.l.; surface: 2.6 ha; maximum depth: 7.4 m;
Fig. 1) lies at the local timberline and is a typical alpine lake
with oligotrophic (mean ± SD phosphorus concentration = 4.3
± 2.5 mg L1; N = 22), transparent (Photosynthetic Active
Radiation attenuation coefﬁcient  k = 0.29 ± 0.08; N = 17),
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low conductivity (mean ± SD conductivity at 20 °C = 24.9 ±
6.9 mS cm1; N = 22), and circum-neutral (pH = 7.0 ± 0.5;
N = 22) waters (measures from a monitoring campaign from
2008 to 2017; Tiberti et al., 2019b). Lake Dres has a single
outﬂowing river (NW of the lake) and several tributaries. Most
of them are short, permanent or intermittent spring-fed
watercourses, but the main tributary (Rio Dres) is a permanent
stream draining a basin of about 290 ha.
Due to the presence of several waterfalls along the
outﬂowing stream, Lake Dres was completely isolated from
the downstream ﬁsh populations and was originally ﬁshless.
Fish stocking history is uncertain, but introductions have
probably occurred since the 1960s, before and after its
inclusion in the GPNP territory (1979) and up until the early
2000s when legal disputes concerning the borders of the
protected area were ﬁnally resolved. Since then, ﬁshing and
stocking have been strictly prohibited. After their ﬁrst
introduction, brook trout established a large self-sustaining
population.
Fish eradication involved Lake Dres and 380 m of
permanent river sections colonized by brook trout and
bordered by two physical barriers (i.e., waterfalls; B1 and
B2, Fig. 1) preventing upstream ﬁsh dispersion. Introduced
ﬁsh were eradicated by intensive gillnetting and electroﬁshing
(with an ELT62 II 160 GI backpack equipment) between June
2013 and August 2015 (last ﬁsh removed on the 11/08/2015;
for detailed methods, see Tiberti et al., 2019a). Previously two
intensive rod angling sessions had already enabled a
substantial reduction of the initial density of adult ﬁsh (Tiberti
et al., 2017a).
At the end of the eradication campaign, 15 221 ﬁsh were
removed from the study area: 14 560 ﬁsh (biomass: 435.7 kg)
from Lake Dres, 164 ﬁsh (7.1 kg) from the inlet (river section
between Lake Dres and B1), 668 ﬁsh (24.0 kg) from the outlet
(river section between Lake Dres and B2), and the remaining
848 ﬁsh (8.1 kg) from the small tributaries (data from Tiberti
et al., 2019a).
Based on ﬁsh abundance and biomass data, the densities of
removed ﬁsh are higher than that which is commonly observed
in high mountain habitats (Waters, 1977), but comparable
among habitats: 0.56 ﬁsh  m2 (16.69 g  m2) in Lake Dres,
0.15 ﬁsh  m2 (6.16 g  m2) in the inﬂowing river, and
1.78 ﬁsh  m2 (63.83 g  m2) in the outﬂowing river. Most
ﬁsh were removed within one year of the start of the
eradication campaign. Thus, the above listed data can be
considered as reliable approximations of the ﬁsh density/
biomass in the different treated habitats, despite possible ﬁsh
exchanges between lake and rivers and population recruitment
(few reproductive events were recorded in the period 2013–
2015).
2.2 Macroinvertebrate sampling and
analytical methods

Macroinvertebrate communities were repeatedly sampled
during the ﬁsh eradication campaign at all of the sampling sites
treated for ﬁsh eradication, i.e., Lake Dres and two riverine
sites (R1 and R2) placed immediately above and below Lake
Dres (Fig. 1). Here, macroinvertebrates were sampled 2–3
times per year during the ice-free period, for ﬁve consecutive

ﬁeld seasons (2013–2017). The ﬁrst sample was collected at
the beginning of summer (June or July) and the second and the
third later in the season (August or September) in order to
observe the seasonal variation of the macroinvertebrate
communities. R1 and R2 were also sampled in July 2010,
providing additional pre-eradication data. Two additional
riverine sites placed above B1 (R1’, which is naturally ﬁshless)
and below B2 (R2’, where ﬁsh were not removed) were
sampled in August 2016 to provide a reference against which
communities of R1 and R2 could be compared
Sampling methods were different in Lake Dres and in the
stream sampling sites:
– In Lake Dres, all shore-accessible habitats were sampled
for semiquantitative macroinvertebrates estimates. Three
littoral microhabitats were chosen according to clast
diameter: sand (clast diameter <2 mm), gravel (clast
diameter between 2 and 6 cm), and boulders (clast diameter
≥20 cm). In each of these microhabitats, ten sweeps, each
about 1m long, were conducted with a standard d-frame
net (mouth, 25  20 cm; mesh 0.5 mm), following Knapp
et al. (2001). Lake Dres bottom was dominated by soft
muds with the exception of approximately 100 m of stony
bottom extending from the littoral area to up to 4 m deep in
the southern part of the lake. Along with stones, some small
patches of gravel were present but ﬁne sediments often
obstructed the interstices among stones; most of the
northern littoral was covered by a dense belt of emergent
aquatic vegetation (i.e., Carex rostrata).
– For streams, semiquantitative macroinvertebrates samples
were collected by disturbing the substrate (kick-sampling)
with a standard Surber net (area 0.1 m2; mesh 0.5 mm)
following Barbour et al. (1999) and APAT (2007). A total
of 10 sampling units were taken from each sampling site.
The 10 sampling units were distributed according to stream
bed habitat composition and coverage, i.e., if the stream
bottom was 50% gravel, then 5 sampling units were taken
there. Only microhabitats covering at least 10% of the
benthic area were sampled. This procedure results in
sampling of approximately 1.00 m2 stream bottom area.
Streambed microhabitat composition and coverage were
determined by visual inspection at each sampling occasion,
accounting for the seasonal variability in substrate
composition associated with water level ﬂuctuations:
boulders (>20 cm; mean ± SD percent coverage:
34.4 ± 5.7 for R1 and 53.3 ± 8.7 for R2), pebbles (6–
20 cm; 54.4 ± 8.8 for R1 and 33.3 ± 8.7 for R2), gravel (2–
6 cm; 8.8 ± 3.3 for R1 and 5.6 ± 7.3 for R2), and aquatic
mosses (2.2 ± 4.4 for R1 and 8.9 ± 3.3 for R2) were the
most representative substrates, while very small patches of
ﬁne sediments were also present. Percent coverage
variability in station R1 and R2 is due to seasonal
ﬂuctuations of water level (ﬂooding different areas).
Macroinvertebrates were sorted in the ﬁeld and preserved
in 70% ethanol; the keeping of specimens separated from
different substrates allowed for comparisons among microhabitats. Specimens were identiﬁed using a dissecting
stereoscope to the family/genus levels (following Campaioli
et al., 1994), which represent our Operational Taxonomic
Units (OTUs; see Online Supplementary Material 1 Table S1),
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and grouped into both ecological groups (EG, distinguishing
between burrower vs. non-burrower taxa; Knapp et al., 2001;
Tiberti et al., 2014) and functional feeding groups (FFG;
following autoecological information from freshwaterecology.
org, made available online by Schmidt-Kloiber and Hering,
2015, 2018). Each OTU was enumerated and its size distribution
was described by body-length measurements. The number of
measured specimens per OTU varied between 1 and 350
specimens per sample (mean ± SD = 16.6 ± 33.6); the fact that
most OTUs were rare should be taken into consideration when
contemplating such a large sample size variability. Individual
lengths were converted into dry-mass using equations from
literature (Benke et al., 1999; Miserendino, 2001; Baumgärtner
and Rothhaupt, 2003; Méthot et al., 2012; Rivera-Usme et al.,
2014; see Online Supplementary Material 1 Table S2 for details),
in order to calculate the biomass of each OTU, of the functional
and ecological groups, and of the entire macroinvertebrate
communities.
2.3 Fish diet and length–weight relationship

Between 2006 and 2015, 301 brook trout stomachs (214
from Lake Dres and 87 from the lake tributaries) were collected
in order to describe the population’s summer diet. All stomachs
were dissected for prey presence/absence and a subsample of 191
stomachs (132 from Lake Dres and 59 from the lake tributaries)
was taken for prey item counting. Stomachs were preserved in
70% ethanol. Prey items were sorted for counting under a
stereomicroscope in the laboratory. A closed counting chamber
was used to identify microscopic preys (e.g., zooplankton) under
a binocular dissecting microscope at 40 (Olympus CHBI45-3). Ingested items were divided into aquatic and terrestrial
prey, and aquatic macroinvertebrates were classiﬁed to the order/
class level. Fragmented or partially digested items were
recognized using body parts resistant to digestion (e.g., cephalic
capsule) or were recorded as non-identiﬁed prey and grouped in a
separate category. Dietary data are offered on frequency of
occurrence and relative abundance of the prey groups divided by
three ﬁsh size classes (from 0 to ≥20 cm, at 10 cm size intervals).
Most stomach data of ﬁsh diet were extracted from Tiberti et al.
(2016).
Total length (TL) and body wet weight (W) were
measured, respectively, to the nearest 1 mm and 1 g on a
representative subsample of captured brook trout. Length–
weight relationships and Fulton’s condition factor (K) were
estimated separately for stream and lake dwelling brook trout.
2.4 Statistical analyses

Macroinvertebrate assemblages from Lake Dres, R1 and
R2 were ordinated into taxonomic, functional (based on FFG)
and ecological (based on EG) matrices of abundance. All
statistical analyses were performed using R version 3.4.3 (R
Core Team, 2017).
2.4.1 Community response to ﬁsh eradication:
multivariate analyses

The taxonomic matrices from each sampling station
(YLAKE, YR1, and YR2) were related to a corresponding

matrix of explanatory variables (X) using canonical redundancy analysis (RDA; Mardia et al., 1979) implemented in the
package “vegan” (Oksanen et al., 2013) of the statistical
environment R 3.4.3 (R Core Team, 2017).
Explanatory variables included:
– microhabitat (MICRO: “sand”, “gravel” or “boulders” for
lake dwelling macroinvertebrates, and “gravel”, “pebbles”,
“boulders”, and “aquatic mosses” for stream-dwelling
macroinvertebrates),
– time (TIME in years, as days elapsed from the beginning of
the eradication action divided by 365),
– season (DAY as days elapsed from the 15th of June of each
year).
As recommended by Rao (1995), RDA was performed
separately on the Hellinger transformed taxonomic matrices of
macroinvertebrate abundances. To perform RDA on YR1, and
YR2 the variation associated to the variable number of
replicates in each microhabitat (condition) was partialled out.
The function “ordistep” was used to select a set of nonredundant explanatory variables of the structuring of the
composition of macroinvertebrate communities. Signiﬁcance
of each explanatory variable was determined using Monte
Carlo permutation tests (999 times) on the RDA results.
Results of the ordination were displayed in correlation triplots.
2.4.2 Community response to ﬁsh eradication:
biodiversity, functional/ecological groups

Richness (R), Shannon index (H) and inverse Simpson’s
index (S) were calculated based on the OTU matrices. The
macroinvertebrate response to ﬁsh eradication was described
at each sampling station (Lake Dres, R1 and R2) using (i)
linear regression models (LM) for biodiversity indices
(dependent variables: R, H and S) and biomass data of
functional feeding and ecological groups, and (ii) generalized
linear models (GLM) to count data of functional feeding (FFG)
and ecological (EG) groups. Before running LMs, the
dependent variables were checked for normality using the
Shapiro-Wilk test and all biomass data were logþ1 transformed. Poisson GLMs were checked for overdispersion using
the “dispersiontest” function in the “AER” package (Kleiber
and Zeileis, 2008). Since all GLMs were overdispersed, quasiPoisson models were ﬁtted to the same data. Model covariates
were the same used in RDA analysis (TIME, DAY, MICRO).
In the GLMs from R1 and R2, the number of replicates in each
microhabitat was included as an offset to correct the abundance
of functional and ecological groups.
2.4.3 Lengths and biomasses

A series of linear regressions were used to test if
macroinvertebrate lengths and total biomasses of the
communities increased during the monitoring period in Lake
Dres, R1, and R2. To obtain an adequate number of
observations per taxon, we merged our OTUs into coarser
taxonomic groups, including the insect orders, Hydrachnidia,
Mollusca, and Oligochaeta. Rare taxa with less than 20
measured individuals or with measurements available for less
than three years (i.e., Odonata; Coleoptera, Heteroptera and
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Mollusca in R1 and R2; Ephemeroptera in Lake Dres) were
excluded from the body size analysis. Additionally, due to the
damage caused by alcohol ﬁxation, we performed very few
measures of Platyhelminthes, and these were also therefore
excluded from the body size analysis. We added the logtransformed length of the macroinvertebrates belonging to
each taxonomic category and the log-transformed total
macroinvertebrate biomasses as dependent variables, and
the year of sampling  from zero to 5 (year 0 is 2010 and years
1–5 are 2013–2017)  as an independent variable.

3 Results
3.1 Community composition: taxonomic, functional
and ecological groups

A total of 42 different OTUs were identiﬁed in the study
area. The macroinvertebrate communities differ between
standing and running waters, with some OTUs being
characteristic and abundant in Lake Dres (e.g., Pisidium,
Corixidae, Dytiscidae) and some others in the stream sites
(e.g., Ephemeroptera, Simuliidae; Online Supplementary
Material 1 Table S1 and Fig. S1). All the riverine sampling
sites share most of their OTUs. Sampling sites R1’ closely
resemble R1 and the same is for R2 and R2’ (Online
Supplementary Material 1 Table S1 and Fig. S1). All
functional feeding groups are present in riverine habitats,
but their relative abundance varies among sampling sites (e.g.,
scrapers are abundant in R1, but rare in R2; Online
Supplementary Material 1 Fig. S1). Gathering collectors (e.
g., Chironomidae and Oligochaeta) dominate the community
in Lake Dres while scrapers (mainly Ephemeroptera) are
virtually absent (Online Supplementary Material 1 Fig. S1).
Streams have been found to be dominated by non-burrowers.
Although burrowers were always dominant in the lake, a
strong increase of non-burrowers has been observed during the
eradication campaign (see next paragraph).
3.2 Macroinvertebrate response to ﬁsh eradication

The time elapsed following the beginning of the
eradication (TIME) was retained as a signiﬁcant explanatory
variable in RDAs from Lake Dres and R2, suggesting that the
communities changed during the eradication campaign.
Seasonality (DAY) was retained in all the RDAs, and
microhabitat features (MICROHABITAT) in the RDAs from
Lake Dres and R2 (Tab. 1).
In particular, triplots show that the abundances of
Limnephilidae (Trichoptera) and Corixidae (Heteroptera) are
positively, and Chironomidae larvae are negatively associated
with TIME in Lake Dres (Fig. 2). In R2, Crenobia alpina
(Tricladida) and Leuctra (Plecoptera) are, respectively,
positively and negatively associated with TIME (Fig. 2).
However, while the retained explanatory variables account for
nearly half (48.6%) of the total variance in the taxonomic
matrix (constrained variance) from Lake Dres, constrained
variance accounts for a much smaller proportion of total
variance in the taxonomic matrices from R1 (20.1%) and R2
(15.7%). This questions the reliability of the results from both
riverine sampling sites. In all cases the ﬁrst two RDA axes

Table 1. Effects of the explanatory variables chosen for canonical
ordination (RDA) by the backward-selection procedure in each
sampling station as calculated by the Monte Carlo permutation test
(999 permutations).

Inlet  R1
Day
Microhabitat
Lake Dres
Day
Time
Microhabitat
Outlet  R2
Day
Time

l

F

P

0.022
0.048

2.44
1.80

<0.05
<0.05

0.034
0.029
0.077

7.19
6.04
8.06

<0.001
<0.01
<0.001

0.033
0.020

3.60
2.18

<0.001
<0.05

account for most (75.8–100%) of the constrained variance.
Permutation tests show that overall RDA results are always
signiﬁcant (l = 0.07, F = 1.96, p < 0.01 for R1; l = 0.14,
F = 7.34, p < 0.001 for Lake Dres; l = 0.05, F = 2.89,
p < 0.001 for R2).
Lacustrine macroinvertebrates underwent a rapid recovery
during the eradication campaign. Previously absent/rare nonburrower macroinvertebrates rapidly recolonized Lake Dres
(Fig. 3). Their abundance and biomass increase caused both a
general signiﬁcant increase of all the biodiversity indices as
well as major changes in the community-partitioning into
functional groups (Fig. 4; see Online Supplementary Material
1 Tables S3 and S4 for detailed model outputs). Predators and
shredders increased over TIME and ﬁltering collectors
decreased (Fig. 4). At the same time, stream dwelling
macroinvertebrate communities did not undergo the same
changes (Figs. 3 and 4). All taxa were already present at the
beginning of the eradication action and neither biodiversity
indices nor the abundance and biomass of the ecological
groups showed any signiﬁcant trend over TIME. The only
signiﬁcant change in riverine communities was observed in R2
and limited to the abundance and biomass of a few functional
groups (i.e., a signiﬁcant decrease of shredder abundance and
of the biomass of gathering and ﬁltering collectors; Fig. 4).
Community data from naturally ﬁshless R1’ (Online Supplementary Material 1 Table S1 and Fig. S1) show that
non-invaded and invaded habitats (R1, R2, and R2’) share
most, if not all, of their OTUs.
Signiﬁcant size increases were only observed in lake
dwelling Oligochaeta (b = 0.06; t = 3.39; p < 0.001) and
Heteroptera (b = 0.28; t = 5.34; p < 0.001), while the size of the
remaining stream and lake dwelling taxa did not undergo any
increase during the monitoring period (Online Supplementary
Material 1 Fig. S2). Neither increasing biomass trend observed
in Lake Dres as the eradication progressed (b = 0.23; t = 1.19;
p = 0.26; R2 = 0.036), nor the slightly decreasing trends
observed in R1 (b = 0.10; t = 1.13; p = 0.34; R2 = 0.003)
and R2 (b = 0.18; t = 1.26; p = 0.24; R2 = 0.054) were
signiﬁcant (Fig. 5). However, it should be noted that the
minimum values of the total macroinvertebrate biomass in
Lake Dres were recorded at the beginning of the eradication
process.
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3.3 Brook trout

Aquatic macroinvertebrates represent a major part of the
diet of stream and lake-dwelling brook trout. Stream-dwelling
brook trout consumed larger proportions of non-burrower and
conspicuous taxa than brook trout from Lake Dres; Plecoptera,
Ephemeroptera, and Trichoptera were present in 63, 24 and
46% of the stomachs of stream-dwelling brook trout, but only
in the 19, <1 and 15% of the stomachs of lake-dwelling brook
trout. At the same time, ﬁsh in Lake Dres rely mainly on
Diptera larvae and pupae (almost exclusively Chironomidae)
as well as on larger amounts of external resources (terrestrial
arthropod subsidies; see Online Supplementary Material 1
Table S5 for a detailed description of brook trout diet).
Compared to the brook trout living in Lake Dres, those
living in streams have a greater standard weight and K
(mean ± SD for lake: 0.94 ± 0.17; mean ± SD for streams:
1.09 ± 0.19; Welch Two Sample t-test for mean comparison:
t = 10.95; df = 266; p <0.001; Online Supplementary
Material 1 Fig. S3).

4 Discussion

Fig. 2. RDA triplots ordinating the macroinvertebrate samples from
Lake Dres, its inlet (R1) and its outlet (R2). Percent values reported
along with the RDA axes 1 and 2 indicate the explained proportion of
total variance. Black vectors indicate signiﬁcant explanatory variables
retained by the backward selection in each sampling site; most
representative macroinvertebrate groups are reported in the diagram
with their abbreviated name (abbreviations listed in Tab. 1).

Introduced ﬁsh are known to have a considerable predatory
impact on the macroinvertebrate communities inhabiting
originally ﬁshless mountain lakes (Carlisle and Hawkins,
1998; Knapp et al., 2001; Schilling et al., 2009; Tiberti et al.,
2014), reducing the abundance of or extirpating entire
ecological groups (epibenthic and nektonic macroinvertebrates), with just a few exceptions (e.g., Zaharescu et al.,
2016). At the same time, the impact that introduced ﬁsh have
on the composition and size structure of stream macroinvertebrates communities can be either lacking or weak
(Allan, 1982; Flecker and Allan, 1984; Reice and Edwards,
1986; Culp, 1986; Ruetz et al., 2004; Cheever and Simon,
2009; Nicola et al., 2010), or noticeable and even profound
(Bechara et al., 1992, 1993; Buria et al., 2007; RodríguezLozano et al., 2015; see Wooster, 1994 for a review and
Meissner and Muotka, 2006 for a meta-analysis).
The present study conﬁrmed the most common patterns
reported in literature: introduced ﬁsh have a marked impact in
lakes (Knapp et al., 2001; Tiberti et al., 2014) whilst their
impact is weak in streams (Wooster, 1994; Meissner and
Muotka, 2006). For example, macroinvertebrate extirpation
occurred in Lake Dres, but not in streams. According to
literature and conﬁrming the ﬁrst hypothesis H1, the
community recovery after ﬁsh eradication also followed
differing trajectories: lake communities shifted from an
impacted state to a new one, which closely resembles that
of pristine, never-stocked lakes (Tiberti et al., 2019a) whilst
stream communities tended to maintain a more stable
composition throughout the eradication process. This relative
stability reveals resistance to ﬁsh presence rather than
unsuccessful recovery, because communities from noninvaded (i.e., R1’) and invaded stream sections (i.e. R1, R2,
and R2’) had similar community biomass and composition in
terms of taxonomic, functional and ecological groups as well
as in terms of average size. In addition, the communities of R1,
R2, and R2’ were also similar (i.e., same dominant OTUs) to
the ones found in non-invaded streams in the GPNP
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Fig. 3. Multiannual trends of non-fossorial macroinvertebrate abundance as measured in the sampling sites R1, Lake Dres and R2 along with a
ﬁsh eradication action. Grey bars: samples collected early in the summer (June–July); black bars: samples collected late in the summer (August–
September); year: 1–5 correspond to the period 2013–2017, while B indicates samples collected before the beginning of the eradication action (in
August 2010).

Fig. 4. Graphical summary of the response of diversity indices, macroinvertebrate feeding functional groups and ecological groups during a ﬁsh
eradication campaign in adjacent lentic and lotic (R1: inﬂowing river; R2: outﬂowing river) ecosystems. Up and down arrows, respectively,
indicate increasing and decreasing trends associated with different probability levels (i.e., p levels from linear regression models and generalized
linear models). MICRO.: microhabitats; San: mud/sand; Bou: boulders; Gra: gravel; Peb: pebbles; Mos: aquatic mosses.

(Piacentini, 2019) and the Alps in general (e.g., Buffagni and
Comin, 2000), providing further indirect evidence of the high
resistance of stream invertebrates to ﬁsh predation.
If our second study hypothesis had been conﬁrmed, R1
should have presented higher resistance than R2, due to
macroinvertebrate immigration (drift) from upstream ﬁshless
habitats. Multivariate and univariate analyses suggest that the
time elapsed from the beginning of the eradication may have
had a signiﬁcant effect on the macroinvertebrate community of
R2 but not on that of R1, which is consistent with H2. This
effect was mainly related to a decreased abundance of Leuctra
(shredder, Plecoptera) and an increased abundance of
Crenobia alpina (predator, Tricladida). However, RDA results
from riverine sampling sites should be interpreted with caution
(large proportion of unconstrained variance) and the changes

in the R2 riverine macroinvertebrate community cannot be
clearly linked to ﬁsh eradication (e.g., Leuctra is a potential
prey for ﬁsh, but it decreased after ﬁsh eradication). In general,
the results collected do not clearly support H2.
A main result of the present study is that macroinvertebrate
resilience after ﬁsh removal was much higher in lakes than in
rivers, which reﬂects the higher resistance of riverine
communities to ﬁsh predation without a clear effect of
macroinvertebrate drift. The high resistance in streams (Allan,
1982; Reice, 1991) can be attributable to both low predatory
pressure and high macroinvertebrate turnover. Low predatory
pressures may occur for at least three reasons: low ﬁsh density,
macroinvertebrates represent a small fraction of ﬁsh diet, or
macroinvertebrates are able to escape predation. Macroinvertebrate turnover depends on immigration (i.e., drifting
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of lake dwelling trout, the fact that stream macroinvertebrate
did not increase after trout removal was unexpected.
Brook trout is an opportunistic predator (Lacasse and
Magnan, 1992) and most of the differences between the diet of
stream and lake dwelling populations should be ascribed to
prey availability (Tiberti et al., 2016). On the one hand, brook
trout introduction in lakes causes the extinction of nonburrower taxa, which then becomes unavailable as a food
resource. On the other hand, ﬁsh in streams do not cause the
extinction of benthic taxa where they continue to be available
as food. The diet of brook trout is therefore likely a
consequence rather than an explanation of the different levels
of resistance of lake and stream macroinvertebrates.
4.3 Escaping predation

Fig. 5. Macroinvertebrate biomass trends in the sampling sites R1,
Lake Dres and R2 along with a ﬁsh eradication action.

macroinvertebrates) and recruitment (i.e. macroinvertebrate
production).
4.1 Fish density

Macroinvertebrates can escape predation thanks to an array
of antipredator adaptations, including morphological, physiological (e.g., unpalatable secretions) and behavioral adaptations. The observed results suggest that whatever the most
effective antipredator mechanism is, it may be more effective
for stream than for lake communities, as some shared taxa
(several genera of Plecoptera and Trichoptera) were impacted
in Lake Dres but not in rivers. Habitat features can inﬂuence
the effectiveness of the antipredator strategies mentioned
above. In particular, the availability of spatial refugia (i.e.,
interstices between clasts) and ﬁsh free areas (i.e. fast ﬂowing
areas such as some rifﬂes) can reduce predatory pressure and
enhance macroinvertebrate resistance (Bechara et al., 1993).
Both interstices and ﬁsh free areas are less abundant in lakes,
where ﬁne sediments dominate the bottom and occupy the
interstices among coarse sediments.
4.4 Macroinvertebrate turnover

Fish densities were similar and remarkably high both in
Lake Dres and in the stream sections (Waters, 1977; Tiberti
et al., 2017b). The fact that the recovery of lake dwelling
macroinvertebrates started well before the capture of the last
ﬁsh suggests that ﬁsh impact is density dependent. However,
brook trout are also likely to continue having an impact on
macroinvertebrates when ﬁsh density is low, as the impact of
brook trout in Lake Dres was almost the same as in other high
mountain lakes with markedly lower ﬁsh densities (Tiberti
et al., 2019a). In streams, the macroinvertebrate communities
remained stable despite the reduction in ﬁsh density, as had
already been observed by Allan (1982), Twomey and Giller
(1991), and Reice (1991). Independent dynamics in predator–
prey (ﬁsh-macroinvertebrates) systems may be an underlying
factor in habitat, rather than prey limitation, in particular when
prey production and turnover is able to buffer predation (Giller
and Malmqvist, 1998; see next paragraphs).
4.2 Macroinvertebrate consumption

Both stream and lake dwelling ﬁsh rely on aquatic
macroinvertebrates as an important food resource. As stomach
contents of stream dwelling ﬁsh revealed high levels of
consumption of a few taxa of aquatic insects (e.g., Trichoptera,
Ephemeroptera, and Plecoptera), much higher than in the case

High levels of immigration and production can enhance
macroinvertebrate turnover and buffer the impact of introduced ﬁsh. A mechanism which can provide large amounts of
immigrants in running waters, but not in lakes, is drift (Allan,
1982). In the present study, Lake Dres disrupts the river
continuum so that R2 cannot be supplied by drifting organisms
from upstream riverine habitats. As mentioned above, stream
macroinvertebrates seem to be able to withstand predatory
pressure without the need for immigrants and drift should
therefore be excluded as the main determinant of the high
resistance of stream macroinvertebrates. A further factor
which would enhance macroinvertebrate turnover is local
macroinvertebrate production. The observed resistance of the
riverine macroinvertebrates could be explained if macroinvertebrate production is higher than ﬁsh consumption, but a
few existing estimates of macroinvertebrate production in
mountain streams (e.g., 0.65–1.9 g m2 yr1 dry weight;
Buffagni and Comin, 2000) and lakes (e.g., dry mass
production: 1.5–1.8 g m2 yr1; Detmer et al., 2017) from
the temperate regions show quite similar values and the results
of this study showed that stream dwelling brook trout consume
larger amounts of macroinvertebrates than their lake-dwelling
counterparts. The fact that macroinvertebrates and ﬁsh
densities are independent i.e., stream macroinvertebrate
abundance did not change when ﬁsh density was reduced,
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suggests that stream dwelling ﬁsh are not limited by nutrition,
although they are possibly habitat-limited (Giller and
Malmqvist, 1998). Indirect proof of this mechanism can be
observed in the more favorable trophic conditions of stream
dwelling brook trout, compared to lake dwelling ones, as
demonstrated by the standard weight equations (Online
Supplementary Material 1 Fig. S3). Under conditions of
superabundant prey resources, it is unlikely that a generalist
predator  such as brook trout (Lacasse and Magnan, 1992) 
would inﬂuence the prey community. Prey limitation has been
recognized as a potentially limiting factor for stream dwelling
ﬁsh (e.g., Salmo trutta; Gíslason, 1994), but in most cases
predators do not rely completely on a single type of prey so that
their correlation with preys can be weak or absent (Giller and
Malmqvist, 1998).
In conclusion, macroinvertebrates conﬁrmed to be very
good biological indicators of the local impact of introduced
ﬁsh in mountain lakes (Schilling et al., 2009). Their
communities are indeed sensitive to both ﬁsh introduction
i.e., low resistance and ﬁsh removal i.e., high resilience. Their
response to ﬁsh eradication is clearly linked to the community
recovery from a series of direct and indirect impacts
involving the entire lake ecosystem (Knapp et al., 2001;
Tiberti et al., 2019a). Although macroinvertebrates are highly
resistant to ﬁsh introduction in streams (present study;
Wooster 1994), ﬁsh are known to affect the integrity of alpine
rivers in a variety of other ways, e.g., affecting native
semiaquatic vertebrates (Bosch et al., 2006, 2019) and ﬁsh
populations (Ross, 1991; Dunham et al., 2002), nutrient
cycles and ecological connection with riparian habitats
(Alexiades et al., 2017). Macroinvertebrate recruitments
and the availability of spatial refugia could provide potential
explanations for the high resistance of stream macroinvertebrates, which is consistently high, even when drift is low (i.e.,
outﬂowing river). Drift is considered very important in
determining macroinvertebrates’ resistance to ﬁsh predation,
but our results question the generality of this assumption and,
in general, the efﬁcacy of macroinvertebrates as good
bioindicators of the impact of introduced ﬁsh in mountain
streams. A better taxonomic detail and more extensive studies
could provide better indications on subtler impacts. However,
a fundamental characteristic of ‘good bioindicators’ is the
possibility to perform easy and cheap surveys; the need to
increase the taxonomic detail would make surveys more timeexpensive and put into question the convenience of using
macroinvertebrates as bioindicators, in particular in large
monitoring studies.
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