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Abstract

Invasive alien crayfish pose significant threats to biodiversity in aquatic ecosystems. In isolated water bodies they impact local amphibian populations by predation, and altering water quality due to burrowing behaviour. Eight pools in either natural and urban areas were selected, where either signal crayfish, red swamp crayfish, or both species occurred. During six years, we assessed three methods to reduce crayfish abundances: biannual crayfish trapping and removal, trapping combined with drainage of pools, and trapping combined with introducing eels as predators. Trapping alone was insufficient to stagnate population growth of red swamp crayfish, though it slowed. Trapping + draining proved ineffective, since red swamp crayfish hid in burrows and aquatic vegetation. The trapping + eels method, reduced population growth and mean length of the red swamp crayfish. Furthermore, we observed a strong population decline in signal crayfish when the red swamp crayfish colonised a pool. Our findings demonstrate that crayfish negatively impact populations of several amphibian species. In natural pools, amphibian numbers increased when crayfish numbers decreased. Urban pools, which showed an increase in crayfish numbers, displayed a decline in amphibians. A combination of predator introduction and removal of crayfish could provide a sustainable solution for controlling crayfish populations and improving amphibian habitats.
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1 Introduction
A species that is introduced outside its natural range and becomes established is referred to as an alien species. It is considered as an invasive alien species (IAS) when adverse effects on biodiversity or socio‐economic impacts occur (Early et al., 2016). Aquatic ecosystems are particularly vulnerable to biological invasions—a threat amplified by human‐mediated connectivity (e.g., canals, shipping, reservoirs) and intensive use, which together form pathways that facilitate the introduction and spread of non‐native species (Hulme, 2009; Leuven et al., 2009; Havel et al., 2015).
In the European Union, approximately twelve invasive crayfish species have become established (Ion et al., 2024). This includes the signal crayfish (Pacifastacus leniusculus) and red swamp crayfish (Procambarus clarkii), which were introduced via the aquarium trade, consumption trade and intentional introductions by governments (Bohnman et al., 2006; Lemmers et al., 2021; Oficialdegui et al., 2025). Both species are listed as IAS of European Union concern (EU Invasive Alien Species Regulation 1143/2014). IAS of EU concern are subject to restrictions on possession, transportation, import, trade and breeding. Member states must minimise pathways of unintentional introduction, take actions for early detection and rapid eradication of these IAS, and control species that are widely spread. The red swamp crayfish is a generalist species that disperses through water and can cover distances over 1 km over land rapidly establishing populations in various habitats (Treguier et al., 2011). The species causes negative ecological effects by reducing macrophyte cover through both feeding and destruction (e.g., clipping), preying on native species, disrupting food webs, increasing water turbidity through burrowing, and transmitting diseases such as crayfish plague (Aphanomyces astaci), leading to biodiversity loss and ecosystem service disruption in European aquatic environments (Souty‐Grosset et al., 2016). The red swamp crayfish is highly invasive as a result of rapid maturation, high fecundity, and high plasticity (Huner, 1999; Gherardi, 2006). This species is widespread across at least fourteen European countries (Ion et al., 2024), and occurs in a wide range of environmental conditions represented in Europe (Souty‐Grosset et al., 2006; Cusell et al., 2020). The signal crayfish is established in at least twenty European countries (Ion et al., 2024). This species mainly occupies riverine ecosystems but it can also establish in pools or ponds (Souty‐Grosset et al., 2006). The signal crayfish can also reach high densities and cause substantial, comparable ecological impact (Nyström et al., 1996; Vaeßen et al., 2015). Both crayfish species reduce macrophytes by clipping and feeding (Nyström et al., 1996). This may lead to a strong reduction in amphibian hiding and oviposition sites (Axelsson et al., 1997). Newts utilise submersed macrophytes by folding eggs between the leaves (Töth  et al., 2011). Frogs deposit their egg clumps just below the water surface, which sink to the bottom when there is a shortage of macrophytes, where they become an easy prey for the crayfish (Jooris et al., 2010). Both during the egg and larval phases, amphibians are vulnerable to crayfish predation (Cruz et al., 2005). Larvae of frogs and toads are diurnal and often rest at night on the bottom of the pool, which is when the nocturnal crayfish are foraging. Also, the amphibians in the Netherlands are ecologically naive to crayfish predation, because there have not been native crayfish species that filled that role before non‐native crayfish invaded the habitats, which makes these amphibians especially vulnerable to crayfish predation (Gomez‐Mestre et al., 2011).
Eliminating invasive crayfish from amphibian reproduction habitat can be challenging. It can only be achieved using biocides in populations with a small geographic range at sites with a low habitat complexity (Peay et al., 2019). Biocide treatments can be performed without eliminating amphibian populations (O'Brien et al., 2013). However in many instances crayfish elimination is not feasible due to interconnectedness of crayfish populations (recolonisation), structural complexity of the habitat and because use of biocides is not allowed. Alternatively, management strategies should be aimed at suppressing populations. Water systems with few predators and a high degree of unnatural aquatic habitats are assumed to have a large carrying capacity for invasive crayfish, which allows these IAS to form unnaturally large populations (Lemmers et al., 2018). In this context, the introduction of native predators, such as pike (Esox lucius), European perch (Perca fluviatilis), or eel (Anguilla anguilla), has been suggested as a potentially valuable strategy to control invasive crayfish. Predation experiments have shown that juvenile signal crayfish are vulnerable to predation by perch and eel (Blake et al., 1995), and pike have been observed to effectively prey on red swamp crayfish in Spanish streams (Elvira et al., 1996). These findings suggest that strengthening natural predation pressure could help reduce crayfish abundance, especially in shallow or structurally simple water bodies where ambush predators may be more effective.
Another potentially promising approach is the temporary draining of water bodies, which can directly reduce crayfish populations by removing suitable aquatic habitat and may also limit reproduction. This method has been successfully applied in Switzerland to suppress spinycheek crayfish (Faxonius limosus) populations, especially in isolated or small water bodies such as ponds and ditches (Krieg et al., 2020). However, its applicability in Dutch isolated waters, and its specific effects on both different crayfish species and on native amphibians, have so far received limited scientific attention.
Overall, while predator introduction and controlled drying are both promising measures, they have been under‐evaluated. There is still a lack of systematic studies assessing their effectiveness across crayfish species, water types, and their potential side effects on native fauna. This study aims to fill that gap by exploring the feasibility and ecological consequences of such interventions in various freshwater systems, with a specific focus on their potential to support amphibian conservation.
The present study evaluated three control strategies in isolated Dutch freshwater systems; (1) trapping only, (2) trapping combined with draining pools, and (3) trapping combined with introducing non‐reproducing crayfish predators. The goal was to improve the quality of amphibian breeding habitats, test control methods, and evaluate management strategies for crayfish invasions. We hypothesised that introducing a crayfish predator to the isolated amphibian pools would lead to fewer crayfish in the long run (Hein et al., 2007; Krieg et al., 2020), and could therefore lead to an increase in amphibian populations. Additionally, we expected that draining of crayfish‐infested pools was a suitable strategy for lowering invasive crayfish populations for two to three years. Combining these strategies with biannual crayfish trapping was expected to keep the invasive crayfish population low enough for amphibians to restore their populations.
2 Methods
2.1 Study area
The study was conducted in the municipality of Tilburg in the Netherlands (Fig. 1). The red swamp crayfish and signal crayfish both colonised isolated water bodies from the adjacent lowland stream ‘Oude Leij— (Crombaghs et al., 2017). The signal crayfish has a limited distribution, while the red swamp crayfish is widely distributed in the Netherlands.
Eight pools were selected for this study (Fig. 2 and SI1). The selected pools were all considered free of fish and fully isolated from the Oude Leij stream and did not overflow even during periods of high water. Therefore, there was no direct hydrological connection allowing crayfish to enter the pools during floods. However, it is likely that new crayfish still entered the pools from the stream, for example via active dispersal or overland movement. For this reason, eradication of crayfish was not considered a management goal in these pools. The study area was divided into two areas: a nature and urban area (Fig. 1). The nature area concerned the area ‘De Kaaistoep— where three of the pools (labelled with N in Fig. 1) were located (van Wielink et al., 2020). These natural pools are part of breeding grounds for the nine species of amphibians known to occur in the area. These include several EU‐protected amphibian species, such as common spadefoot toad (Pelobates fuscus), European tree frog (Hyla arborea), and crested newt (Triturus cristatus).
The five remaining pools are located in the urban part of the study area, named ‘De Dongevallei’— (labelled with U in Fig. 1) in the city of Tilburg. In this part, the stream runs through a city district. The pools in this area are overseen by the nearby houses and part of an open grassy landscape, which is partly a recreational area grazed by cattle.
	[image: Thumbnail: Fig. 1 Refer to the following caption and surrounding text.]	Fig. 1 Map of the study area (Tilburg, The Netherlands) and the isolated pools which were part of this research. The blue line passing through the area indicates the location of the lowland stream Oude Leij from which the crayfish species colonised the pools. The labelled symbols represent the locations of the pools, and the colour of the dots shows which method was used in which pool.



	[image: Thumbnail: Fig. 2 Refer to the following caption and surrounding text.]	Fig. 2 Photograph of each pool, with corresponding pool label and average water surface (m2). Pool labels correspond with those in Figure 1.



2.2 Tested management strategies and monitoring
In all pools, crayfish were trapped and removed twice a year: in spring (April/May) and autumn (August/September) from 2019 until 2024. The 2019 counts can be regarded as reference values as they were done before the treatments started. Crayfish were captured using halibut fish pellets baited crayfish traps (64 × 46 × 20 cm; mesh size 25 mm), approximately 1 metre from the bank over the course of seven days, with the traps being emptied and baited every 2–3 days. The number of traps used was roughly based on the surface and reachability of the banks of each pool (Fig. 2 and SI1). Only in pool NE1 were the traps in the pool for 14 days each monitoring round, with the traps also being emptied and baited every 2–3 days. This pool was monitored differently due to its larger size and being deeper than the other pools. In addition, part of this pool was inaccessible due to deep water and locally dense reed (Phragmites australis) vegetation. The captured crayfish were counted and measured (total length), and their sex was determined. We ensured that all individuals were fully extended during measurement by gently flattening the abdomen, thereby reducing variability due to posture. Crayfish were unfortunately not measured in 2019. All crayfish were euthanised by freezing, which is considered an appropriate method for euthanising crayfish (Scheers et al., 2023).
Capture (and removal) was thus the baseline monitoring and management strategy. The two trapping only sites (NT1 and UT2) only received this management, while the other six pools received additional measures to manage the crayfish. Two of these pools (ND1 and UD2) were drained directly after the first round of crayfish trapping in August 2019. The pools were drained for one workday (eight hours) using mechanical pumps. Crayfish that became visible on the bottom of the pool during the draining process were captured by hand or using nets. Due to high seepage pressure in UD2, a small layer of silt and water remained in the pool which could not be drained.
The final method, applied in four pools (NE1, UE2, UE3 and UE4), was the release of European eels (Anguilla anguilla) combined with trapping twice a year. Eels prey on both adult and juvenile crayfish and were therefore considered a promising predator for keeping populations of non‐native crayfish at a low level (Aquiloni et al., 2010). Moreover, eels are unable to reproduce in freshwater, so their introduction will result in only a temporary increase in the native predator population and is not expected to pose an uncontrollable threat to amphibians. Eels of wild origin were purchased from a commercial fishing company and were originally intended for consumption. In August 2019, a total of 364 eels were released (mean length TL 25 cm), and in August 2020, an additional 97 eels were released (mean length TL 38.5 cm; mean weight 117.2 g) (Tab. 1). The eels released in 2020 were PIT‐tagged to make them individually identifiable and to monitor the development of the length and weight of each animal. For this purpose, eels were first anaesthetised with benzocaine (approximately 80 mg/l). After full anaesthesia, a 23 mm tag was inserted into the abdominal cavity. The wound was then sealed with cyanoacrylate glue. This was approved by the Radboud University ethics committee and performed under the animal experimentation law Wod licence holder no. TRC/NVWA/2014/1558.
Table 1 
Overview of the released eels per water body, per year. The number of traps was determined in relation to the water surface. The pool labels correspond with Figure 1.

2.3 Amphibian and eel monitoring
Amphibians were annually monitored during two rounds from the spring of 2019 until 2024, and by three people. At least one person was present at each round during the six years to ensure the consistency of the methodology used. The first round was carried out at the end of April or beginning of May with torchlights, specifically for larvae of the early spawning species brown frog (Rana temporaria) and common toad (Bufo bufo). During this period, submersed vegetation is scarce, making inventorying of amphibian larvae with flashlights a suitable method (Kröpfli et al., 2010). Strong Nitecore P30 torchlights were used for this. While wading, each pool was visited, and all observed amphibians, including adults, were counted. The second monitoring round was performed at the end of June using 70 × 55 cm dipnets with a mesh size of 4 mm. At the end of June, aquatic plants are more developed, making amphibian larvae less visible at night with a torchlight. This round was intended for all other amphibian species that are present later. Pools were sampled by three people by scooping for amphibians at all accessible places. Each pool was sampled in full coverage where possible. Due to higher water depth, a full sample coverage could not be achieved in NE1 and UE2. Despite these methodological differences between pools, the interannual surveys of the same pool are comparable. Due to high water levels in the spring of 2023 and 2024, not all places that were sampled in 2019–2022 could be reached. This may have led to an underestimation of the actual numbers in those later years.
To determine the eel survival and growth, eels were surveyed three times: in the winter of 2020–2021, 2021–2022 and 2022–2023. Due to high water levels, it was not possible to survey eels in 2024. Monitoring was carried out by hand electrofishing (Bretschneider EFGI 650) along the banks while wading, targeting eels. A pragmatic search was conducted for the presence of eels, with greater attention being given to habitats preferred by eels, such as reed‐vegetated banks. Natural structures such as stone or wood were not present in the pools investigated. The weight and length of each eel caught were recorded. The captured eels were checked for the presence of a PIT tag using a wireless handheld scanner to monitor the growth in weight and length over time, and they were subsequently released.
2.4 Water quality measurements
Surface water samples were collected from all ponds in 2019, 2022 and 2024 during summer. Water samples were collected in iodated polyethylene bottles. The pH was measured within 24 h after collection with a standard combined glass Ag/AgCl pH electrode (Orion Research, Beverly, CA, USA) connected to a pH meter (Tim800; Radiometer analytical, Lyon, France). Concentrations of ammonium (NH4+), chloride (Cl−), nitrate (NO3−), orthophosphate(PO43−) and sodium (Na+) were measured using an auto‐analyser 3 system (Bran and Lubbe, Norderstedt, Germany), colourimetrically using hydrazine sulphate (Stumm and Morgan, 2013). Kalium and total phosphorus concentrations were determined using an inductively coupled plasma spectrometer (ICP‐OES icap 6000; Thermo Fischer Scientific, Waltham, MA, USA).
2.5 Statistical analyses
R version 4.4.2 was used for all statistical analyses (R Core Team, 2024). To analyse differences in the number of individuals of a specific crayfish species caught per sampling round between the different management treatments, negative‐binomial mixed‐effect models were applied using the package glmmTMB (Brooks et al., 2017). Pool label was included as a random factor to account for variation between individual pools. The fixed factors in the model were Year, Treatment, and Period (spring or autumn), with an interaction term between Year and Treatment to test whether the effectiveness of the treatments changed over time. This model structure was chosen because the count data showed overdispersion.
To analyse changes in crayfish total length over time, a generalised linear mixed‐effect model (GLMM) with a Gaussian distribution (assumptions for normality were met) was used per species, including Treatment, Year, and their interaction as fixed factors, and pool label as a random factor to account for repeated measurements within the same pools. This model allowed us to evaluate whether crayfish size differed between treatments and across years while accounting for pool‐level variation.
The models were tested for overdispersion and zero‐inflation using the DHARMa package (Hartig, 2016), which was also used for model validation. The DHARMa package provides a QQ plot of the model residuals, using a Kolmogorov‐Smirnov (KS) test to assess whether the model residuals deviate significantly from a normal distribution. The Akaike Information Criterion (AIC) was used to select the most parsimonious model based on the lowest AIC value.
Since a direct effect of crayfish on larvae of amphibians was expected, only larvae were included in the statistical analyses. The statistical analysis of the amphibian data focused on whether there is a relationship between the species‐specific number of larvae encountered and the number of signal crayfish, red swamp crayfish and the sum of both crayfish species. Spearman's rank correlation analyses were performed to assess the relationship between the larval abundance of various amphibian species and the two crayfish species (including the sum of both species) across the two pool types: natural and urban. Spearman's correlation was chosen due to its robustness against non‐normal distributions and its suitability for monotonic but potentially non‐linear relationships. The results are visualised in the correlation matrix and reveal the differences in correlation patterns. The following packages were used for analyses and visualisation: ggplot2 (Wickham, 2016), dplyr (Wickham et al., 2023), purrr (Henry et al., 2023), and tidyverse (Wickham et al., 2019).
Variations in water quality among the treatments and years were analysed using non‐metric multidimensional scaling (NMDS) based on Bray–Curtis dissimilarities of standardised values for chloride, sodium, pH, potassium, phosphate, nitrate, and ammonium. Significance was tested with PERMANOVA including treatment, year, and their interaction (treatment × year). Multivariate analyses were performed using the vegan package.
3 Results
3.1 Crayfish populations
Despite the three measures (i.e., trapping only, trapping + drainage, trapping + eel introduction) to reduce crayfish densities, the number of red swamp crayfish actually increased between 2019 and 2024 (Fig. 3). However, the signal crayfish population did collapse. The analysis showed significant increases in numbers of red swamp crayfish between 2019 and the years 2022, 2023, and 2024. Specifically, the increase from 2019 to 2022 (GLMM; z = 3.504, p < 0.001), from 2019 to 2023 (GLMM; z = 4.449, p < 0.001), and from 2019 to 2024 (GLMM; z = 5.357, p < 0.001) were significant. No significant changes were observed for 2020 (z = 1.778, p = 0.075) or 2021 (z = 1.536, p = 0.125). Crayfish counts were also significantly lower in spring compared to autumn (GLMM; z = −2.291, p = 0.022), reflecting seasonal differences in catchability. Interactions between period and year were not significant, indicating that the overall yearly decreases were consistent across both spring and autumn sampling. For signal crayfish, the statistical analysis showed a significant decrease in abundance between 2019 and all other years. Crayfish numbers were significantly lower than in 2019 in 2020 (GLMM; z = −2.526, p = 0.012), 2021 (z = −3.947, p < 0.001), 2022 (z = −3.920, p < 0.001), 2023 (z = −4.306, p < 0.001), and 2024 (z = −4.255, p < 0.001). No significant effects of sampling period (spring vs autumn) or interactions between period and year were found, indicating that the decreases occurred consistently across both periods.
	[image: Thumbnail: Fig. 3 Refer to the following caption and surrounding text.]	Fig. 3 Catch per unit effort (CPUE; total number of signal and red swamp crayfish captured per year per pool, standardised per 100 trap nights). Note: In 2019, only one round of sampling took place in autumn. Missing lines for a species indicate that the species was not detected in the corresponding pool during the study period. Crayfish captured during draining events not included in this figure. N = nature pool, U = urban pool, T = trapping only, E = trapping + eel treatment, D = trapping + draining treatment. Pool labels correspond with those in Figure 1.



3.2 Crayfish and the effects of management methods
During the draining of pool ND1, a total of 65 signal crayfish were removed. In pool UD2, 243 red swamp crayfish were caught during drainage in 2019. These individuals were recorded but were not included in the statistical analysis of the catch data per treatments. In this pool (UD2), an unknown number of red swamp crayfish were hiding in burrows up to 1 meter deep during the draining process. A few individuals were dug out, but it was not feasible to locate and remove all of the crayfish from their burrows. As a result, some red swamp crayfish inevitably remained in their burrows. Other complicating factors of the draining method were that crayfish of both species were difficult to find in patches of vegetation. Furthermore, complete drainage of pool UD2 could not be achieved due to continuing inflow of seepage water, probably originating from the adjacent stream. Specimens also remained in the silt bottom of both pools and were therefore difficult to locate.
The negative‐binomial mixed‐effect model showed that the effect of the trapping + eel method on the number of red swamp crayfish caught was not significant as a main effect (GLMM; z = −1.366, p = 0.172). Similarly, the trapping + draining method showed no significant difference compared to trapping only (GLMM; z = 0.876, p = 0.381). However, significant interactions between the trapping + eel method and the years 2021, 2022, 2023, and 2024 were observed (GLMM; respectively z = 2.922, p = 0.0035 for 2021; z = 2.443, p = 0.0146 for 2022; z = 2.979, p = 0.0029 for 2023; and z = 3.542, p = 0.0004 for 2024). This indicates that the effectiveness of the trapping + eel method increased over time. In addition, the season (Period) had a significant effect, with fewer crayfish caught in spring compared to autumn (GLMM; z = −5.310, p < 0.001). Overall, these results suggest that the presence of eels can lead to a gradual reduction in crayfish numbers over multiple years, even though there is no immediate difference compared to trapping‐only or drainage treatments in any single year.
The results show a significant decrease in the abundance of signal crayfish between the years 2021 and 2022, regardless of the method used (GLMM; z = −1.851, p = 0.06410 for 2020 and z = −2.602, p = 0.00928 for 2021). This suggests an overall decline in signal crayfish populations over time. The season (Period) did not have a significant effect on signal crayfish abundance (GLMM; z = −0.097, p = 0.923).
Regarding the treatments, the trapping + eel method showed a significant interaction effect with the year 2022 (GLMM; z = −2.132, p = 0.03302), indicating a lower number of signal crayfish caught in eel‐treated ponds during that year. The main effects of the trapping + eel and trapping + draining methods were not significant (GLMM; respectively z = 1.158, p = 0.247 and z = −0.155, p = 0.877). The interaction effects for other years and treatments were also not significant, suggesting that the observed decline in signal crayfish abundance was only partially influenced by the presence of eels in 2022.
The type of method had a significant effect on the length of red swamp crayfish (Fig. 4). The trapping + draining method had a negative effect in the early year of 2021 (red swamp crayfish became smaller in total length, 2021; t = −2.206; p = 0.05), but later the size did not differ. In 2023, the effect of the trapping + draining method was positive (GLMM; t = 8.422; p < 0.0001), indicating a significantly greater length in that year compared to the trapping only method. This positive effect on the total length of crayfish continued in 2024 (GLMM; t = 6.617; p < 0.001), again showing a significant increase in length. The trapping + eel method also had a positive effect on the mean total length of the red swamp crayfish, particularly in later years. In 2020, there was no significant effect of the trapping + eel method on crayfish length, but in subsequent years, this effect was significant. In 2022, crayfish in the pools with the trapping + eel method were significantly greater in length than crayfish from the trapping only method (GLMM; t = 5.655, p < 0.001). Also in 2023 and 2024, the trapping + eel method resulted in significantly larger crayfish in both years (GLMM; t = 8.240, p <0.001 for 2023 and t = 9.543, p <0.001 for 2024).
	[image: Thumbnail: Fig. 4 Refer to the following caption and surrounding text.]	Fig. 4 The development of length over the years for the red swamp crayfish per treatment applied. Each box represents the interquartile range, which displays the middle 50% of the data. The bottom of the box is the first quartile (Q1), and the top of the box is the third quartile (Q3). The horizontal line within the box represents the median. As no length measurements were taken in 2019, the first available length data originates from the first sampling round following draining and eel release.



3.3 Amphibians
During six years of monitoring, a total of 112,291 larvae of amphibians were counted, divided into seven species: Alpine newt, European tree frog, common frog, common toad, edible frog (Pelophylax kl. esculentus), crested newt and smooth newt (Lissotriton vulgaris). One adult common spadefoot toad was caught in a crayfish trap in 2020 during the spring crayfish monitoring in pool NE1.
The common toad is the most represented amphibian species in the dataset, with a total of 96,237 larvae counted. The next most abundant species were the common frog (n = 8,574), smooth newt (n = 5,940), edible frog (n = 1,261), European tree frog (n = 202), Northern crested newt (n = 66), and alpine newt (n = 11), respectively. A figure displaying the number of amphibians per species over the years per pool is included as Supplementary Information (SI2).
In the natural pools (i.e., those not in urban habitats), several significant temporal and spatial correlations were identified (Fig. 5). A negative correlation was observed between the European tree frog and the combined abundance of both crayfish species (ρ = –0.77, p < 0.001). Similarly, the common toad showed a significant negative correlation with the red swamp crayfish (ρ = –0.52, p = 0.028) and the signal crayfish (ρ = –0.52, p = 0.026). The edible frog exhibited contrasting associations: a strong positive correlation with the red swamp crayfish (ρ = 0.73, p < 0.001) and a significant negative correlation with the signal crayfish (ρ = –0.57, p = 0.014). Additionally, the crested newt was negatively associated with the combined crayfish abundance (ρ = –0.60, p = 0.008), and the smooth newt showed strong negative correlations with both the signal crayfish (ρ = –0.60, p = 0.008) and the combined crayfish abundance (ρ = –0.67, p = 0.003).
In urban pools, fewer significant correlations were demonstrated (Fig. 5). The alpine newt exhibited a positive correlation with the signal crayfish (ρ = 0.42, p = 0.023), whereas the common toad showed a negative correlation with the combined crayfish abundance (ρ = –0.42, p = 0.022). The edible frog displayed a positive correlation with the signal crayfish (ρ = 0.43, p = 0.018) and negative correlations with both the red swamp crayfish (ρ = –0.50, p = 0.0049) and the combined crayfish abundance (ρ = –0.55, p = 0.0018). No correlation values were available for the crested newt and European tree frog in urban pools since these species were not present here.
	[image: Thumbnail: Fig. 5 Refer to the following caption and surrounding text.]	Fig. 5 The Spearman rank correlation coefficients between the numbers of seven encountered amphibian species and numbers of two crayfish species in pools in natural and urban areas. The correlation values range from −1 to 1, where negative values indicate an inverse relationship, positive values indicate a direct relationship, and values close to 0 suggest a minor to no correlation. Asterisks (*) next to the correlation values indicate statistically significant correlations with a p‐value less than 0.05. ‐“N/A” values represent cases where there was insufficient data to calculate the Spearman correlation. The data are visualised as a heatmap, with a colour gradient from red (negative correlations) to green (positive correlations), with white indicating no correlation.



3.4 Eel
During the three monitoring periods (winter 2020, 2022, and 2023), a total of 62 eels was recaptured. Eight of these had a PIT tag.
Of the eight tagged eels that were recaptured, two were recaptured twice. All recaptured tagged eels increased in length and weight. Compared to initial length and weight from August 2020, the two animals that were recaptured during the survey in winter 2020 both increased 2 cm in length, the weight increased deviated (9 and 16 g increase). The two animals that were recaptured during the survey in winter 2022 increased 6 and 8 cm in length and increased 148 and 134 g in weight, respectively. In winter 2023, two animals were recaptured for the second time. Compared to the initial lenght and weight, the eels increased 9 and 10 cm, and 116 and 78 g, respectively. The two additional recaptured eels both increased 1 cm in length since August 2020, and 76 and 78 g, respectively.
3.5 Water quality
Water quality differed significantly between years and between treatments, while the temporal patterns were similar across treatments (PERMANOVA; treatment: pseudo‐F = 1.41, p = 0.005; year: pseudo‐F = 3.85, p = 0.005; treatment × year: pseudo‐F = 0.30, p = 0.99). The NMDS visualization confirms these patterns, showing that water quality varied between years and treatments but maintained similar interannual trajectories across all treatments (SI3 Fig. 2). Crayfish abundances were generally lower in eel‐treated pools than in the other treatments, which might suggest that the observed differences in water quality may be linked to the suppression of crayfish populations by the presence of eels. Additional results on water quality are presented in the Supplementary Information (SI3).
4 Discussion
One of the most remarkable results of this study is the collapse of the signal crayfish populations in most studied pools in three years. The disappearance of the signal crayfish was succeeded by an increase in the red swamp crayfish populations in these pools. It is unlikely that this rapid decline of the signal crayfish populations is caused entirely by the employed management methods. A plausible explanation is that the red swamp crayfish caused the signal crayfish to disappear from the study area. Competition for resources could have contributed to this, although it is known that the species can coexist (Nakata et al., 2005; Bernardo et al., 2011). Both species are also potential carriers of crayfish plague (Holdich et al., 2009). However, the signal crayfish may suffer significant mortality and behavioural shifts when the fungus is introduced in uninfected populations (Aydin et al., 2014; Thomas et al., 2020). The red swamp crayfish may have carried the crayfish plague, as this species colonised the studied pools years after the establishment of the signal crayfish, resulting in a decline of signal crayfish numbers. However, this observation also complicated the effectiveness assessments of the various control methods for this species.
The correlation analyses revealed species‐specific and location‐dependent relationships between native amphibian larvae and invasive crayfish in both natural and urban pools. In natural pools, several amphibian species exhibited moderate to strong negative associations with crayfish abundances. Notably, smooth newt, crested newt, and European tree frog showed significant negative correlations with the combined abundance of both crayfish species, suggesting a strong adverse effect on the native amphibians. Common toad and common frog showed negative relationships with the red swamp and signal crayfish, respectively. Interestingly, edible frog displayed contrasting patterns: a significant negative correlation with the signal crayfish, but a positive correlation with the red swamp crayfish. This pattern is particularly evident in natural pools, where red swamp crayfish densities have remained relatively low and smooth newt populations have significantly declined. As a result, it is not surprising that edible frogs started to increase in these pools, given that overall crayfish densities remained much lower after 2019.
The urban pools were subject to multiple stressors beyond invasive crayfish, including eutrophication (e.g., guanotrophication), Australian swamp stonecrop (Crassula helmsii) invasion, and grazing by geese. Amphibian larval densities were consistently low throughout the study in the urban pools, and water quality was poorer compared to natural pools (see SI3). Notably, phosphate concentrations increased markedly in pools UC1, UE2, and UE3 between 2022 and 2024, indicating ongoing nutrient enrichment despite dilution from more rainfall and higher water levels in those years. Amphibian‐crayfish correlations in urban pools were weaker and more heterogeneous than in the natural pools. Alpine newt and edible frog showed significant positive correlations with the signal crayfish. However, this was likely due to the low (and decreasing) numbers of signal crayfish from the start of the study. It is likely that if the abundance of signal crayfish was high during the course of this study, these positive correlations would not exist. Only a few amphibians exhibited a significant negative association with the total crayfish abundance in urban pools. This concerned the common toad and edible frog. Absence or rarity of certain species (e.g., European tree frog, crested newt) in urban pools limited statistical inference and further underlined the poor connectivity or suitability of these habitats for these amphibians. These results could suggest that while invasive crayfish may exert strong negative pressures on amphibians in more intact natural ecosystems, their impact in urban areas may be concealed by the prior collapse of amphibian populations due to unfavourable habitat conditions.
In the present study, amphibians generally showed higher abundances in the natural pools. The urban pools, where amphibian populations have collapsed or species have only been observed sporadically, are probably no longer suitable breeding waters. These pools may also suffer more from the indirect negative effects of the burrowing crayfish because nutrient concentrations are higher in these pools (SI3), and the additional increase in nutrients leads to more turbid water with reduced plant growth as a result (Angeler et al., 2001).
The European tree frog and the crested newt were observed the least. The occurrence of both species was only recorded in two natural pools. The European tree frog is a rare and endangered species in the Netherlands for which a pioneer situation with developed vegetation in breeding water is required (Schenk et al., 2018). In addition, the species prefers an environment that is grazed extensively and where shrub‐forming species such as brambles are present as a resting place (Glesener et al., 2024). In pool NT1, an increase in the number of European tree frogs was recorded in 2023, and in that year, the lowest number of crayfish was found in the same pool. The crested newt, another rare and endangered species in the Netherlands, is found in small meadow and forest pools (Vergoossen et al., 2009). The crested newt was rarely encountered during the study. In 2023, an increase in numbers was observed in pool NT1 and in 2022, the presence of the crested newt was recorded for the first time in pool ND1. A previous study showed that multiple crested newts species actively avoid wetlands for breeding when they are invaded by red swamp crayfish (Ficetola et al., 2011). Axelsson et al. (1997) showed that an increase in habitat complexity resulted in a decrease in predation by crayfish on European tree frogs. A combination of a suitable habitat and a decrease in the crayfish abundance in these pools likely had a positive effect on the European tree frog and crested newt populations.
The mean total length of red swamp crayfish decreased significantly after 2020. Trapping is known to capture mainly larger individuals (Green et al., 2018). This could have led to a constant depletion of larger animals, which ultimately resulted in a lower mean length. Our study shows that different control methods had different effects on the populations of the red swamp and signal crayfish. The method of only trapping was not sufficient to stagnate the population growth of the red swamp crayfish in the pools. The populations of red swamp crayfish increased rapidly between the start (2019) and the end of this study (2024). A previous study in the peat area of Molenpolder (Utrecht) demonstrated that intensive crayfishing can lead to a sufficiently low number that recovery of the ecosystem occurred (Bleile et al., 2024). The trapping intensity used in our study was found to be too low to significantly reduce the red swamp crayfish populations in the pools, but it is likely to have slowed down the growth of the populations. However, this could not be confirmed since there were no pools included in this study where biannual crayfish trapping was not applied.
Draining + trapping proved to be an ineffective method for controlling the red swamp crayfish, mainly because of the >1 m deep burrows, persistent aquatic vegetation and supply of seepage water from the adjacent lowland stream. In pool UD2 a large number of red swamp crayfish were hiding in burrows during the draining process. This was confirmed when adult red swamp crayfish were caught in these pools shortly after draining. It can be concluded that draining is not suitable for eliminating crayfish from pools (Hein et al., 2007). Although the draining method had a significant negative effect on the length of the red swamp crayfish in the first years, this effect was no longer present in subsequent years. A possible explanation is that larger animals were probably more visible than smaller specimens and were therefore more likely to be caught. As a result, smaller crayfish were more likely to survive in the drained pools, which was noticeable in the lower mean total length of the animals caught in the subsequent years. After 2022, this effect was no longer apparent. In 2023, the crayfish in the drained pools were significantly larger than those in the trapping only pools, mainly due to an overall decrease in crayfish length in the trapping only pools. The cause of this phenomenon remains unclear.
Of the three methods tested, the release of eels combined with trapping appeared to have the strongest impact on the populations of the red swamp crayfish. There is an increase in the number of red swamp crayfish caught over the years, but this increase is significantly smaller than the increase in the pools where only crayfish were caught. The release of the eel, therefore, appears to have an inhibiting effect on the population growth of the red swamp crayfish. This is supported by the recaptures of eels that were marked with a PIT tag; the individuals were long and heavy, suggesting that they did well in the pools. In 2022, the trapping + eel treatment was associated with a significantly higher average crayfish length compared to the capture method, indicating that the eels mainly eat the smaller crayfish, leaving the larger individuals behind. This signifies that the eels can effectively contribute to limiting the increase of crayfish populations through predation, especially in combination with intense trapping, which will remove the remaining large crayfish. A previous study also showed that eels can be used to suppress crayfish populations, resulting in the recovery of aquatic vegetation (Musseau et al., 2015). In this study, on average approximately 4000 eels per hectare were present in the pool. This is a much higher number than the average released during our study, being 433 eels per hectare. Stocking eels was done to evaluate a self‐sustaining form of crayfish control, in which crayfish populations remain at low levels without the need for continuous manual removal. When trapping is stopped, crayfish populations generally recover quickly to high densities (Kvistad et al., 2023), whereas in the presence of eels such a rebound may prevent a compensatory response. This potential for persistent suppression is an advantage of the method and the predator cannot reproduce, which means it cannot proliferate in the amphibian waters. It should be noted, however, that eels cannot complete their full life cycle there, as they are unable to migrate. Nevertheless, because eels are long‐lived animals, they can continue to exert predation pressure on crayfish for many years. The effect of eels on crayfish populations may even increase over time as the eels increase in size and predation capacity. It is important to note, however, that in this study we could only assessed the number of crayfish actually caught in the traps. Previous research has shown that crayfish activity (especially of small crayfish) can decrease in the presence of predatory fish, which may also explain part of the observed reduction in trap catches (Keller et al., 2000). Continued monitoring of both eel and crayfish populations would be valuable to assess the long‐term dynamics and effectiveness of this management approach.
In conclusion, none of the three tested methods proved fully effective in halting the population growth of red swamp crayfish in Dutch pools. However, each intervention showed measurable effects: Trapping + draining and trapping only reduced the size of individual crayfish, while trapping + eel introduction decreased the number of juveniles and, at higher densities, may suppress populations effectively (as shown by Hein, 2007; Musseau et al., 2015). The optimal trapping period depends on the recruitment timing of the crayfish species. Female red swamp crayfish in the Netherlands are berried in autumn and winter. In early spring, the juveniles are released from their mothers, after which they are large enough to be caught with traps from the end of the following summer. Summer and autumn are the optimal period to catch this species as a control measure (Koese et al., 2025). This was also confirmed in our study since significantly more red swamp crayfish were caught in autumn compared to spring. The majority of signal crayfish are berried in late spring. The optimal time for control measures is from the early spring. Based on these results, we recommend an integrated and intensified management strategy that combines these methods, complemented with a continuous monitoring of amphibian populations to evaluate the effectiveness and detect potential negative impacts of eel introduction on non‐target species.
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	Surface (m2)
	Number of eels released in August 2019
	Number of eels released in August 2020
	Number of released eels per hectare





	NE1
	12225
	277
	70
	284



	UE2
	1000
	37
	12
	490



	UE3
	1975
	40
	11
	258



	UE4
	200
	10
	4
	700



	Mean length
	
	25
	38.5
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        Catch per unit effort (CPUE; total number of signal and red swamp crayfish captured per year per pool, standardised per 100 trap nights). Note: In 2019, only one round of sampling took place in autumn. Missing lines for a species indicate that the species was not detected in the corresponding pool during the study period. Crayfish captured during draining events not included in this figure. N = nature pool, U = urban pool, T = trapping only, E = trapping + eel treatment, D = trapping + draining treatment. Pool labels correspond with those in Figure 1.

      

    

  
    
      Fig. 4 
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        The development of length over the years for the red swamp crayfish per treatment applied. Each box represents the interquartile range, which displays the middle 50% of the data. The bottom of the box is the first quartile (Q1), and the top of the box is the third quartile (Q3). The horizontal line within the box represents the median. As no length measurements were taken in 2019, the first available length data originates from the first sampling round following draining and eel release.

      

    

  
    
      Fig. 5 
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        The Spearman rank correlation coefficients between the numbers of seven encountered amphibian species and numbers of two crayfish species in pools in natural and urban areas. The correlation values range from −1 to 1, where negative values indicate an inverse relationship, positive values indicate a direct relationship, and values close to 0 suggest a minor to no correlation. Asterisks (*) next to the correlation values indicate statistically significant correlations with a p‐value less than 0.05. ‐“N/A” values represent cases where there was insufficient data to calculate the Spearman correlation. The data are visualised as a heatmap, with a colour gradient from red (negative correlations) to green (positive correlations), with white indicating no correlation.
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